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Abstract—High Hg concentrations in freshwater fish are a concern for human health, yet we lack a clear understanding of the
mechanisms that produce high Hg concentrations in fish. Controlled studies in natural surface waters that quantify the uptake and
retention of Hg in fish tissues following exposures from the aqueous phase and from invertebrate prey diets are rare. Using 203Hg,
we contrasted the accumulation of inorganic Hg (HgI) and methylmercury (MeHg) from the dissolved phase and from invertebrate
food in mosquitofish (Gambusia affinis) feeding on Daphnia pulex (representing a pelagic food chain) and in redear sunfish (Lepomis
microlophus) feeding on amphipods (Hyallela sp., representing a benthic/macrophyte-based chain). Experiments were conducted
with environmentally realistic Hg concentrations in two freshwaters from the San Francisco Bay Delta (CA, USA) with significantly
different dissolved organic carbon (DOC) concentrations. Mercury uptake rates following aqueous exposures were consistently
higher for fish in the water with lower DOC, whereas efflux rates were similar for both water types. Approximately 50% of the
ingested HgI associated with invertebrate prey was lost from mosquitofish, and 90% or more from sunfish, within 48 h. Assimilation
efficiencies for ingested MeHg for both fish were 86 to 94%, substantially higher than those for HgI regardless of water type.
Biokinetic modeling using the parameters determined in these experiments accurately predicted Hg burdens for fish in the San
Francisco Bay Delta system. Despite considerable accumulation of HgI from both aqueous and dietary exposure routes, the high
assimilation efficiencies and slow loss of MeHg from dietary sources are the principal determinants of predicted Hg burdens in
both fish species.
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INTRODUCTION

It is well established that Hg in aquatic systems from both
natural and anthropogenic sources bioaccumulates in fish to
concentrations that may threaten the health of their consumers
[1–3]. Mercury associated with fish consumption is the pri-
mary exposure route for this neurotoxicant in most people [4].
In particular, methylmercury (MeHg) is known to biomagnify
in aquatic food webs and build up in the muscle tissue of fish
in marine and freshwater ecosystems [5–7]. Most of the Hg
burden accumulated by fish is methylated and is thought to
accumulate primarily from dietary sources [8,9], but direct,
aqueous accumulation also can contribute to total Hg burdens
[10]. Although many studies have determined Hg concentra-
tions in fish, considerably less is known about the kinetics of
Hg accumulation in fish that feed on a contaminated diet.

Mercury contamination in fish is a ubiquitous problem,
because watersheds far from anthropogenic or natural point
sources receive inorganic Hg (HgI) from atmospheric depo-
sition [11–13]. Despite the atmospheric transport and depo-
sition of HgI, adjacent aquatic habitats often have fish with
very different Hg concentrations [14]. Moreover, in situ phys-
icochemical conditions control Hg methylation and initial bio-
availability [15–18], with food-web characteristics mediating
final Hg concentrations in top trophic species [19–21]. An ideal
system for investigating the effects of water chemistry and
food-web characteristics on Hg accumulation in fish is the San
Francisco (SF) Bay watershed (CA, USA), which includes a
large central delta fed by the Sacramento and San Joaquin
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rivers and a long history of Hg contamination [22,23]. The
Cosumnes River (CR) is the last major, undammed tributary
flowing into the San Joaquin Delta, and fish from the CR tend
to have elevated Hg concentrations relative to fish in the central
delta, despite generally lower sediment MeHg concentrations.
Conversely, Frank’s Tract (FT) is a flooded ‘‘island’’ in the
central delta, where fish Hg concentrations (e.g., total Hg in
largemouth bass [Micropterus salmoides], 0.1–0.4 �g/g wet
wt) typically are lower than those in the CR and other tribu-
taries (0.8–1.2 �g/g wet wt in M. salmoides), yet FT sediment
MeHg concentrations often are higher [23,24]. Why this ap-
parent paradox in fish Hg concentrations exists is unclear.
Therefore, we tested experimentally if different food chains
or waters from these two regions affect Hg accumulation and
depuration in fish. Additionally, we determined the distribution
of both HgI and MeHg in various body tissues within the two
fish species 5 to 7 d after aqueous and dietary exposures.

The SF Bay Delta provides a heterogeneous environment
for invertebrate herbivores, with large areas of submerged
aquatic vegetation, in which surface-grazing crustaceans dom-
inate, interspersed with open-water habitats, in which filter-
feeding herbivores are more common. Evidence is mounting
that pelagic fish typically have higher Hg concentrations com-
pared with benthic fish [19,25]. In the present study, we in-
vestigated if food-web structure is a significant contributor to
the variation in fish Hg concentrations measured in the SF Bay
Delta system. We used the free-swimming cladoceran Daphnia
pulex fed to mosquitofish (Gambusia affinis) to represent an
open-water, pelagic link from herbivores to planktivores. As
a representative of submerged aquatic vegetation habitats, we
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used an amphipod from the genus Hyallela fed to redear sun-
fish (Lepomis microlophus).

Using these representative food chains, we compared the
kinetics of HgI and MeHg accumulation as well as depuration
in both CR and FT water. Both fish were exposed to single
pulses of aqueous or dietary (the two invertebrate prey species)
Hg, and both influx and efflux rates, assimilation efficiencies
(AEs), and fish tissue distributions of Hg were measured. For
the dietary exposures, we used labeled phytoplankton cells,
resuspended in nonlabeled water, to feed and label crustacean
prey. Finally, we applied a bioenergetic kinetic model to pre-
dict steady-state Hg concentrations for both fish species in the
two natural systems.

MATERIALS AND METHODS

Water and experimental conditions

All experiments were conducted in freshly filtered (pore
size, 0.2 �m; Millipak 80 sterile cartridges; Millipore, Bedford,
MA, USA) water previously collected from either the CR
(38�15.470�N, 121�26.050�W) or FT (38�02.670�N,
121�36.930�W) in the SF Bay Delta system. Both water types
were fresh (salinity � 0), but the CR water had significantly
less dissolved organic carbon (DOC; 177 � 15.5 �M C [mean
� standard deviation]; n � 3) and lower pH (6.8) compared
with FT water (280 � 40.1 �M C, n � 3, pH 7.9). Phyto-
plankton, invertebrate prey, and fish were maintained at 17 �
0.5�C on a 14:10-h light:dark cycle.

Fish

Juvenile to adult (primiparous) mosquitofish (G. affinis;
weight, �0.3–0.6 g wet wt) were obtained from Dr. Foster and
Smith’s (Rhinelander, WI, USA) and from Happy Trails Aquat-
ics (Venus, FL, USA). Juvenile redear sunfish (L. microlophus;
weight, �0.6–1.2 g wet wt) were obtained from Owen & Wil-
liams Fish Farm (Hawkinsville, GA, USA). All fish were main-
tained in aerated aquaria with aged tap water at 17�C for ap-
proximately two to three weeks before experimentation. Fish
were fed commercial diets of brine shrimp (mosquitofish) and
chironimids (sunfish) ad libitum. Three to four days before the
dietary pulse feeding of Hg-exposed prey, fish were exposed
to either D. pulex (mosquitofish) or Hyallela sp. (sunfish) to
accustom them to live prey. Pelagic zooplankton and Hyalella
sp. in the SF Bay Delta typically have MeHg concentrations
of from 10 to 60 and from 10 to 160 ng/g, respectively (A.R.
Stewart, U.S. Geological Survey, Menlo Park, CA, unpub-
lished data). For fish exposed to dietary Hg, all fish feeding
ended at least 36 to 48 h before exposures to labeled prey to
allow for complete gut evacuation.

HgI and MeHg

All experiments used the 	-emitting radioisotope 203Hg to
follow the dynamics of Hg uptake and release from the two
fish species. The radioisotope was obtained from Georgia State
University (Atlanta, GA, USA) as 203HgCl2 in 1 N HCl, with
specific activities ranging from 153 to 325 kBq/�g. Methyl-
mercury was synthesized from 203Hg2� according to methods
described elsewhere [26–28] and was stored in the dark in
dilute, Optima-grade HCl (pH �5–6; Fisher Scientific, Pitts-
burgh, PA, USA). In the five syntheses of CH3

203Hg(II) carried
out in our laboratory, our yield has been 75.03% � 6.62%.
All borosilicate glass and Teflon� used in the synthesis of
MeHg or to house stock solutions was put through a rigorous
acid-washing protocol with final drying in a trace metal–clean,

laminar flow hood equipped with a HEPA filer (pore size, 0.2
�m; Purolator Products Air Filtration, Henderson, NC, USA).

Fish exposure to aqueous Hg

The goal of these experiments was to measure the accu-
mulation, depuration, and tissue distribution of HgI and MeHg
taken in from the dissolved phase. Individual fish of each
species were exposed to 203Hg as either HgI or CH3Hg� in 300
to 400 ml of filtered CR or FT water (five or more replicate
fish per Hg and water-type treatment). For the HgI exposures
to both fish species, 15.8 to 20.5 kBq of 203Hg were added to
2,000 to 2,100 ml of both water types. For the MeHg expo-
sures, 4.1 to 4.3 kBq of 203Hg as CH3

203Hg� were added to
1,500 to 1,800 ml of each water type. Individual fish of both
species were then housed in 300 to 400 ml of each water type
with either 203Hg2� or CH3

203Hg�. In aqueous exposure exper-
iments, the concentration of HgI was 0.2 nM, and that of MeHg
was 0.11 nM. Five individual fish of each species were exposed
to aqueous Hg in the absence of invertebrate prey for 4 h.
After the exposure period, fish were rinsed three times in fresh,
unlabeled water, and total activity of 203Hg in each fish was
measured. Fish were returned to fresh CR or FT water in
depuration chambers that isolated feces from individual fish
yet provided fresh, aerated water to each fish from a common
reservoir. Water in the reservoir was changed every 24 to 36
h. A detailed description of the depuration chambers and res-
ervoir system has been given elsewhere [29]. Fish 203Hg ac-
tivity was assayed three times during the first 24 h of depu-
ration, with subsequent daily measurements obtained for 6 d.
At each time point during the depuration period, fish feces
was collected from individual fish before gamma-counting, and
fish were rinsed in fresh, filtered water [29]. Feces from each
fish also were collected over each 24-h period. Fish were fed
once daily with unlabeled invertebrate prey during the depu-
ration period. At the end of the depuration period, whole fish
were assayed for 203Hg activity one final time before they were
dissected into head, gills, gut (e.g., stomach, intestines, liver,
and kidneys), fillet (skin on), and the remaining skeleton. The
relatively small fish sizes and low radioactive counts precluded
easy separation of liver from the rest of the gut contents. The
dry mass of each fraction was determined after complete dry-
ing at 60�C, and each fraction was assayed for 203Hg activity.
For the sunfish exposed to 203Hg2�, the head and gill fractions
were combined for mass determination and gamma-counting.

Fish exposure to Hg from invertebrate prey

The purpose of these experiments was to measure the ac-
cumulation, AE, depuration, and tissue distribution of HgI and
MeHg in fish after consumption of radiolabeled invertebrate
prey. To initiate these experiments, two species of phytoplank-
ton were first labeled evenly with either 203Hg2� or CH3

203Hg�

in CR or FT water amended with macronutrients at WCL-1
concentrations [30], but without the addition of ethylenedi-
aminetetraacetic acid. For the HgI and MeHg additions to CR
and FT water containing either the diatom Cyclotella me-
neghiniana or the chlorophyte Chlamydomonas reinhardtii,
3.0 to 8.7 kBq of 203Hg were added to 60 to 100 ml of log-
phase cells. The total added Hg concentrations were kept at
approximately 2 nM. Algal cells were allowed to grow for 2
d or more, so cells were uniformly radiolabeled with either
203Hg2� or CH3

203Hg�. Labeled algal cells were first resus-
pended in either CR or FT water and then fed to the D. pulex
and Hyallela invertebrate prey, so the invertebrates received
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203Hg primarily from their algal diets and not their aqueous
surroundings. We labeled both the D. pulex and Hyallela sp.
that we used to feed to fish for 4 to 6 d to ensure even labeling
of the crustacean diets [31,32]. Daphnia pulex and Hyallela
sp. were fed freshly resuspended, labeled cells for 2 and 4 d,
respectively. Before using them as fish prey, both Daphnia
and Hyallela organisms were pipetted individually from the
labeled cell flasks and rinsed in freshly filtered, cell-free CR
or FT water. Three replicates of 10 Daphnia and two replicates
of five Hyallela organisms were assayed for 203Hg activity for
each treatment.

Following preliminary experiments conducted to determine
appropriate invertebrate rations for the radiotracer experi-
ments, mosquitofish were presented 15 to 20 labeled Daphnia
organisms for each Hg and water-type combination (five rep-
licate fish/treatment), and individual redear sunfish were fed
five Hyallela organisms in each treatment (five replicate fish/
treatment). Our estimates are that both fish ate approximately
the same fraction of their biomass during the dietary exposures.
All individuals tested from each fish species were of similar
size, but sex ratios were not determined. Fish fed until they
had eaten all the Daphnia or Hyallela prey or for 2 h, which-
ever came first. All fish were starved for 48 h or longer before
feeding on the labeled invertebrate prey, and in most cases,
fish consumed all their prey. After feeding, the fish were re-
moved from the feeding water, rinsed in filtered CR or FT
water, and deposited into plastic cylinders for immediate gam-
ma-counting. After the first gamma-count, fish were returned
to their depuration chambers with recirculating water. All fish
were fed unlabeled invertebrate diets ad libitum daily during
the 6-d depuration period. Feces collection, fish dissection,
mass determination, and gamma-counting were as described
above for the aqueous exposure fish.

Hg concentrations in fish tissues

To evaluate 203Hg distribution in fish tissues and assess both
HgI and CH3Hg� concentrations in various fish tissues for both
species of fish, the following procedures were conducted after
the 5- to 7-d depuration periods. Each fish was placed in a
solution of 450 ppm of MS 222 (tricaine methane sulfonate,
C9H11O2N � CH3SO3H), which initially put the fish into deep
anesthesia and ultimately killed it (�5 min). Each fish was
dissected into five body compartments: Head, gills, internal
organs (including liver, intestines, and kidneys), skeletal mus-
cle fillet, and the skeleton. The fillet compartment included
skin/scales on fillets, and the skeleton compartment included
pelvic and pectoral fins. Some skeletal muscle tissue may have
remained as part of the skeleton compartment. In three rep-
licates, a mosquitofish released juveniles during an experiment.
Therefore, the weights of young mosquitofish were included
in tissue concentration calculations, but juvenile 203Hg counts
were at or below the level of detection. For every fish, each
tissue compartment was placed into a tared tube and assayed
for 203Hg in a gamma-detector. After radioassaying each com-
partment for 203Hg, tissues were dried for 4 d or longer at 60�C,
and tissue dry weights were determined. The percentage of
Hg in each compartment relative to whole fish and the con-
centrations of Hg in fish and individual tissues were calculated
from the specific activity of the Hg on a dry-weight basis to
produce nmol/g concentrations.

Measurement of 203Hg

Radioactivity of 203HgI or CH3
203Hg� was determined using

both a Canberra (Schaumberg, IL, USA) deep-well detector

(for live fish) and a LKB Pharmacia Wallac 1282 Compugam-
ma (Turku, Finland) well counter (for water, invertebrate prey,
feces, and fish body parts) with NaI(Tl) detectors. Gamma
emissions of 203Hg were assayed at 279 keV, and counting
times ranged from 5 to 10 min to reduce stress on live fish
but still yield propagation errors of 5% or less. Counts were
corrected for decay and background radioactivity.

Statistical analyses and modeling Hg concentrations in fish

The 203Hg activities as either 203HgI or CH3
203Hg� in the

mosquitofish and sunfish immediately after the aqueous ex-
posures were used to calculate influx rates to both fish species
in each water type. Radioactivity in fish from aqueous expo-
sures was regressed against time, and the calculated slopes
were used to determine influx rates (ku). Assimilation effi-
ciencies and efflux constants (ke) for Hg assimilated from food
were determined by regressing radioactivity in each depurating
fish against time. For AE determinations, depuration data for
each replicate were analyzed separately to determine y-inter-
cept values for AEs [29]. Additionally, the radioactivity in
each individual fish was regressed against time to test for
significant differences in intercept, influx rate, and efflux rate
values in t test analyses (one-way analysis of variance). Bio-
concentration factors were calculated as dry-weight Hg con-
centration in fish divided by aqueous Hg concentrations for
the aqueous exposures only. Statistical analyses for all exper-
iments were conducted using JMP software (Ver 5.01a; SAS
Institute, Cary, NC, USA).

The bioaccumulation model that we applied has been used
primarily for marine invertebrates [33–35], but this model also
has been applied successfully to trace-element dynamics in
fish [29,36] and freshwater invertebrates [37]. In the present
study, we applied the model for Hg accumulation in mosqui-
tofish and redear sunfish from both aqueous and dietary ex-
posures. Equation 1 describes the steady-state Hg concentrations
in fish after exposures to aqueous and dietary exposures:

Hg � (k ·Hg )/(g � k ) � (AE· IR·Hg )/(g � k ) (1)ss u w ew f ef

where Hgss is the steady-state concentration of Hg in fish tis-
sues (g/g), ku is the Hg uptake rate constant from the dissolved
phase (L/g/d), Hgw is the concentration of Hg in the dissolved
phase (g/L), g is the fish dry-weight specific growth rate (per
day), kew is the elimination rate constant following aqueous
uptake of Hg (per day), AE is the assimilation efficiency of
ingested food, IR is the ingestion rate (g/g/d), Hgf is the con-
centration of Hg in food (g/g), and kef is the elimination rate
constant following dietary uptake of Hg (per day). For mos-
quitofish, we used an IR value of 0.073/d (dry-wt basis) and
a growth rate of 0.003/d; for sunfish, we used an IR value of
0.1/d and a growth rate of 0.006/d [38]. Although low, growth
rates were included because of the very slow losses of both
HgI and MeHg by the two fish species after 24 to 48 h.

The relative importance of dietary versus dissolved uptake
contributions to steady-state burdens for HgI and MeHg in each
fish was calculated using Equation 2:

R � [(AE·IR·Hg )/(g � k )]/Hg ·100f ef ss (2)

where R is the percentage of Hg assimilated in fish from dietary
sources. We used the model to predict Hg concentrations in
fish from natural freshwater ecosystems by inserting ingestion
rates as well as invertebrate and aqueous Hg concentrations
from the literature. We applied literature values for biota Hg
concentrations in freshwater Daphnia organisms (HgI, 16 ng/



Hg in two fish species after dietary and aqueous exposures Environ. Toxicol. Chem. 25, 2006 2135

Table 1. Assimilation efficiencies (AEs) and uptake (ku) and efflux (ke) rate constants from dietary and aqueous exposures to the two fish species
in each water typea

Fish species
Hg

species
Exposure

route
Water
type AE (%)

% of Hg burden
attributable to
exposure route

Kinetic parameters

ku (l g
1 d
1) ke (d
1)

Mosquitofish HgI Aqueous
Diet
Aqueous
Diet

CR
CR
FT
FT

41.7 (15.3)

51.3 (26.6)

27.2
72.8
12.2
87.8

0.078 (0.008)

0.052 (0.017)

0.021 (0.021)
0.025 (0.023)
0.042 (0.025)
0.033 (0.032)

MeHg Aqueous
Diet
Aqueous
Diet

CR
CR
FT
FT

89.6 (8.2)

94.1 (3.0)

0.8
99.2

0.7
99.3

0.338 (0.092)*

0.185 (0.020)*

0.018 (0.006)
0.016 (0.003)
0.019 (0.006)
0.016 (0.002)

Redear sunfish HgI Aqueous
Diet
Aqueous
Diet

CR
CR
FT
FT

8.5 (9.0)

9.8 (3.8)

59.6
40.4
45.5
54.5

0.051 (0.009)*

0.038 (0.008)*

0.030 (0.006)
0.003 (0.003)
0.035 (0.01)
0.007 (0.007)

MeHg Aqueous
Diet
Aqueous
Diet

CR
CR
FT
FT

91.4 (2.2)*

85.8 (2.2)*

1.6
98.4

0.6
99.4

1.28 (0.81)*

0.454 (0.180)*

0.021 (0.005)
0.018 (0.007)
0.021 (0.006)
0.015 (0.002)

a Mean values are presented for each parameter, followed by standard deviations in parentheses (except for % of Hg burden). Significant differences
between Cosumnes River (CR) and Frank’s Tract (FT) waters (Sacramento and Contra Costa counties, respectively, CA, USA) for a given Hg
species and exposure route from one-way analysis of variance with p � 0.05 are designated with an asterisk. HgI � inorganic Hg; MeHg �
methylmercury.

g; MeHg, 65 ng/g) and amphipods (HgI, 24 ng/g; MeHg, 32–
54 ng/g) [39–41].

RESULTS

Assimilation of dietary Hg

The AEs of MeHg from radiolabeled invertebrate diets ex-
ceeded those for HgI in all treatments. Furthermore, the cal-
culated AEs generally were higher in the mosquitofish than in
redear sunfish for both Hg species (Table 1). For MeHg, the
two fish species had very high AEs in both water types, with
AEs ranging from 90 to 94% for mosquitofish and from 86 to
91% for sunfish. The only significant difference in AEs be-
tween the two water types occurred for MeHg assimilation in
the redear sunfish. Sunfish fed amphipods in the CR water
assimilated 91.4% � 2.2%, whereas sunfish fed in FT water
assimilated 85.8% � 2.2% (n � 5). The largest differences
between fish species were the markedly higher AEs for mos-
quitofish for HgI (42–51%) compared to the AEs for redear
sunfish (9–10%) across the two water types.

Uptake of Hg from the dissolved phase

Uptake rates (ku) were significantly ( p � 0.05) greater for
fish in CR water for MeHg in mosquitofish and for both HgI

and MeHg in the redear sunfish (Table 1). Furthermore, both
fish species consistently had higher ku values for MeHg (0.185–
1.28 L/g/d) than for HgI (0.038–0.078 L/g/d). Uptake rates of
aqueous HgI were similar for both fish, but uptake rates for
MeHg in sunfish were consistently higher than those in mos-
quitofish (Table 1). Across both fish and water types, the bio-
concentration factors for HgI ranged from 6.2 to 8.1 � 103

(mean, 7.6 � 103), whereas MeHg concentration factors ranged
from 5.2 to 21.4 � 104 (mean, 9.8 � 104).

Elimination and retention of Hg

Elimination rate constants (ke) calculated between 48 h
postexposure and the end of the depuration period were similar
for both fish and Hg species, but with a few notable exceptions.
The retention of MeHg tended to be higher than HgI within a

given fish species, so the ke values for MeHg were consistently
lower than the ke values for HgI (Table 1 and Figs. 1 and 2).
For mosquitofish, all the MeHg efflux rates were lower than
those for HgI, regardless of the exposure pathway or water
type (Figs. 1A and C and 2A and C). Redear sunfish released
MeHg more slowly (lower ke) after aqueous exposures (com-
pared Fig. 1D with Fig. 2D), but the sunfish release of HgI

after dietary exposures was notably lower than the release of
MeHg accumulated from dietary exposure after 48 h of dep-
uration (compared Fig. 2B with Fig. 2D). For the mosquitofish,
the total MeHg elimination after aqueous exposures was only
10 to 13% after 6 d of depuration in cold water (Fig. 1C).
Similarly, redear sunfish lost only 17 to 18% of the initial
MeHg accumulated during the aqueous exposures (Fig. 1D).
Both fish species exhibited low fecal release rates of HgI after
aqueous exposures, indicating efficient retention from this ex-
posure route. Inorganic Hg measured in the collected egested
material of mosquitofish after aqueous exposures averaged 1.2
to 2.6% of the total remaining HgI in fish from CR water and
1.7 to 1.8% of remaining HgI in fish from FT water for t �
43 to 93 h postexposure. Similarly, HgI in feces from redear
sunfish averaged 0.4 to 0.9% of the total remaining HgI in fish
in CR water treatments and 0.4 to 1.2% of remaining HgI in
fish from FT water for t � 13 to 81 h postexposure. After 6
d of HgI elimination from aqueous exposure, mosquitofish re-
tained 79 to 82% and redear sunfish 68 to 70% of their initial
203Hg label (Fig. 1A and B). For both fish species, a relatively
rapid loss of Hg was observed after dietary exposures during
the first 48 h (Fig. 2), with nearly all the released Hg being
found in fecal material. Retention of HgI after dietary expo-
sures was markedly different between the two fish, with mos-
quitofish retaining 30 to 34% and sunfish only 5 to 6% (Fig.
2A and B) of their initial 203Hg. Methylmercury retention after
consumption of labeled invertebrates was more similar across
the two fish, with mosquitofish retaining 81 to 88% and sunfish
75 to 80% of their body burdens after depuration (Fig. 2C and
D).
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Fig. 1. Mercury depuration in live fish from aqueous exposures as a percentage of the initial burden after exposure of inorganic Hg (HgI) for
mosquitofish (A), HgI for redear sunfish (B), methylmercury (MeHg) for mosquitofish (C), and MeHg for redear sunfish (D) in Cosumnes River
(Sacramento County, CA, USA) water (�) or Frank’s Tract (Contra Costa County, CA, USA) water (�). Values are presented as the mean �
standard error (n � 5–8 for each treatment).

Tissue distributions and concentrations of HgI and MeHg

Tissue-specific Hg concentrations (nmol/g dry wt) for each
compartment and averaged for each complete fish generally
were higher for MeHg relative to HgI (Table 2). Whole-fish
averages for mosquitofish HgI were similar regardless of up-
take route, whereas redear sunfish HgI concentrations were
substantially higher after aqueous exposures for whole-fish and
across all individual tissue compartments. Much greater var-
iation was found in the whole-fish MeHg concentrations in
mosquitofish and sunfish, so obvious patterns were difficult to
discern. Head and gill concentrations of HgI for both fish al-
ways were higher after aqueous exposures relative to dietary
exposures, regardless of water type. Conversely, mosquitofish
MeHg concentrations in head and gill tissues always were
highest after dietary exposures relative to aqueous accumu-
lation. No such pattern existed for MeHg concentrations in the
head and gill compartment in sunfish. With the exception of
the accumulated HgI in sunfish intestines, the concentrations
of both Hg types were higher in the intestine/gut compartments
after dietary exposures than following aqueous exposures.

The tissue distributions of both HgI and MeHg, expressed
as a percentage of the total Hg retained in fish after depuration,
varied considerably between the two exposure routes (Table
3). Inorganic Hg tissue distributions after aqueous exposures
in both fish species were fairly even across the five compart-
ments dissected for analyses. The lowest proportions of the
total HgI burdens after aqueous exposures for the two fish
species were in the skeletons of mosquitofish (12–14%) and
the intestine/gut compartment (including livers) for redear sun-
fish (10–11%) for both water types (Table 3). The remaining
compartments for both fish species (gills, head, and fillets)
showed relatively even HgI distributions across the compart-
ments after aqueous exposures.

Across both fish and water types, HgI in the fillet com-
partment accounted for 19 to 25% of the total HgI in fish after

depuration following aqueous exposure. Fish exposed to HgI

from labeled invertebrate diets displayed a very different dis-
tribution pattern, with most (68–96%) of the HgI retained in
the intestine/gut compartment (Table 3). Following dietary ex-
posure, mosquitofish intestines/guts accounted for 92 to 96%
of the remaining HgI body burden and redear sunfish intestines/
guts for 68 to 73% of the remaining HgI. Fillets from both
fish species from the dietary HgI treatments contained a much
lower proportion (2–10%) of the total HgI remaining in the
fish compared with fish exposed to aqueous HgI.

Fillets contained most of the MeHg remaining from initial
aqueous exposure in both fish species. Across all fish exposed
to aqueous Hg, fillets accounted for 37 to 42% of the remaining
MeHg in fish at the time of dissection and for the largest pool
of remaining MeHg (Table 3). The proportion of MeHg re-
maining in gills from the aqueous exposures was only 5 to
10% of the MeHg body burden for both fish and water treat-
ments. Notable differences were found in the final distributions
of MeHg after dietary exposures between the mosquitofish and
the redear sunfish. The sunfish fillets contained 32 to 36% of
the total MeHg measured in fish, whereas mosquitofish fillets
contained only 11 to 14% of their MeHg. The largest pool of
MeHg in mosquitofish after dietary exposure was found in the
skeletal compartment (54–58% of total MeHg) (Table 3). The
intestinal burdens of MeHg in both fish species represented
only 16 to 18% of the total MeHg body burden after dietary
exposure.

Modeling

Using the biokinetic model, both fish species were predicted
to accumulate substantially more MeHg than HgI, regardless
of exposure route (Table 1 and Fig. 3). For mosquitofish, MeHg
will account for 90% or more of the total Hg burden accu-
mulated, whereas sunfish MeHg was predicted to account for
98% or more of the total burden. Mosquitofish accumulated
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Fig. 2. Mercury depuration in live fish from dietary exposures as a percentage of the initial burden after consumption of labeled invertebrate
prey for inorganic Hg (HgI) in mosquitofish (A), HgI in redear sunfish (B), methylmercury (MeHg) in mosquitofish (C), and MeHg in redear
sunfish (D) in Cosumnes River (Sacramento County, CA, USA) water (�) or Frank’s Tract (Contra Costa County, CA, USA) water (�). Values
are presented as the mean � standard error (n � 5–8 for each treatment).

Table 2. Mercury concentrations (nmol/g dry wt) for whole fish and specific tissue compartmentsa

Fish
species

Hg
species

Uptake
route

Water
type

Whole-fish
average Head Gills Intestines Fillet Skeleton

Mosquitofish HgI Aqueous
Diet
Aqueous
Diet

CR

FT

1.7 � 0.1
1.7 � 0.5
1.4 � 0.1
1.6 � 0.7

1.9 � 0.2
0.14 � 0.06

1.9 � 0.3
0.13 � 0.11

15.7 � 12.4
0.85 � 0.84

6.4 � 3.7
0.4 � 0.6

4.0 � 4.9
8.6 � 4.3
1.1 � 0.4

10.6 � 8.9

1.7 � 0.8
0.2 � 0.1
0.9 � 0.2

0.13 � 0.12

0.8 � 0.8
0.1 � 0.1
1.0 � 0.1

0.04 � 0.04
MeHg Aqueous

Diet
Aqueous
Diet

CR

FT

5.8 � 1.1
36.9 � 10.4
10.3 � 12.3
51.8 � 19.2

5.4 � 1.5
19.5 � 4.5

6.5 � 6.5
31.2 � 8.4

13.7 � 6.6
75.1 � 49.5
20.1 � 22.7

131.5 � 167.7

4.4 � 1.8
78.9 � 37.6

9.9 � 14.5
64.0 � 45.5

7.0 � 1.8
40.7 � 12.4
11.5 � 13.5
66.9 � 18.5

5.7 � 2.1
30.7 � 8.0

9.6 � 11.2
59.7 � 60.3

Redear sunfish HgI Aqueous
Diet
Aqueous
Diet

CR

FT

1.6 � 0.4
0.1 � 0.04
1.2 � 0.2
0.1 � 0.03

2.2 � 0.5b

0.04 � 0.01b

1.7 � 0.4b

0.02 � 0.01b

3.6 � 1.0
1.6 � 0.5
3.1 � 0.6
2.4 � 0.6

0.9 � 0.3
0.03 � 0.02

0.7 � 0.2
0.03 � 0.03

1.4 � 0.3
0.02 � 0.02

1.0 � 0.2
0.06 � 0.05

MeHg Aqueous
Diet
Aqueous
Diet

CR

FT

23.5 � 14.3
11.0 � 3.8

9.2 � 3.4
5.3 � 1.1

13.8 � 6.6
7.8 � 1.8
6.9 � 1.9
3.9 � 0.4

33.0 � 8.9
16.9 � 5.1
15.9 � 5.2

8.6 � 1.5

32.3 � 13.9
42.6 � 15.2
17.2 � 4.2
23.0 � 4.3

27.2 � 19.2
10.6 � 5.8

8.5 � 3.0
4.9 � 1.2

19.6 � 12.4
8.9 � 3.2
7.7 � 2.3
4.1 � 1.2

a Values are presented as the mean � standard deviation in Cosumnes River (CR) and Frank’s Tract (FT) waters (Sacramento and Contra Costa
counties, respectively, CA, USA). HgI � inorganic Hg; MeHg � methylmercury.

b Head and gill concentrations were counted together for the redear sunfish trials with HgI.

significant proportions (12–27%) of their HgI burden from
direct aqueous uptake, depending on the water type, but almost
no MeHg contributing to total burden was accumulated directly
from the aqueous phase. Redear sunfish accumulation of HgI

was modeled to be evenly split between aqueous and dietary
accumulation, but the total accumulation of HgI by sunfish was
much less than that for mosquitofish (Fig. 3). The percentage
of Hg accumulated from dietary uptake pathways exceeded
those for aqueous uptake for all treatment combinations except
for the HgI accumulation by redear sunfish. For the ku calcu-
lations, aqueous exposures in CR water always accounted for
more of the total Hg burdens compared with exposures in FT
water. Across both water types, predictions for the total HgI

accumulation in wild mosquitofish from both aqueous and di-
etary sources ranged from 20 to 25 ng/g, and total MeHg
accumulation ranged from 208 to 249 ng/g. Using typical aque-
ous and invertebrate Hg concentrations found in the SF Bay
Delta system, the model predicts redear sunfish to accumulate
between 6.5 to 8.3 ng/g of HgI and between 208 to 222 ng/g
of MeHg.

DISCUSSION

The accumulation and subsequent retention of HgI and
MeHg in the two fish species varied markedly between the
two Hg species. The effects of fish species and the two water
types also were significant in certain treatment combinations.
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Table 3. Relative pools of Hg in specific fish tissues as a % of total 203Hg activity in fish after dissectionsa

Fish
species

Hg
species

Uptake
route

Water
type Head Gills Intestines Fillet Skeleton

Mosquitofish HgI Aqueous
Diet
Aqueous
Diet

CR

FT

24.7 � 2.2
2.0 � 0.6

27.8 � 3.7
1.1 � 2.6

19.6 � 7.6
1.0 � 1.8

20.9 � 8.1

0.2 � 2.0

16.5 � 3.7
92.0 � 1.7
17.7 � 4.9
95.5 � 3.2

25.2 � 6.1
3.5 � 1.7

21.5 � 3.8
2.0 � 1.3

14.1 � 10.7
1.5 � 0.5

12.0 � 2.0
1.6 � 2.7

MeHg Aqueous
Diet
Aqueous
Diet

CR

FT

18.2 � 2.3
11.7 � 1.3
13.9 � 0.6
12.2 � 1.3

5.3 � 1.4
3.3 � 1.0
6.2 � 0.9
3.2 � 1.0

18.4 � 3.3
17.5 � 4.0
23.0 � 6.2
16.0 � 3.8

42.0 � 8.0
13.8 � 2.7
39.3 � 5.3
10.7 � 1.4

16.0 � 5.4
53.7 � 6.2
17.6 � 1.9
57.9 � 4.0

Redear sunfish HgI Aqueous
Diet
Aqueous
Diet

CR

FT

50.3 � 1.2b

18.4 � 10.2b

52.8 � 3.5b

5.9 � 2.6b

10.9 � 2.2
67.5 � 17.9
9.5 � 2.4

72.8 � 12.8

21.3 � 1.7
10.3 � 10.0
19.2 � 1.7
8.5 � 6.7

17.5 � 1.6
3.8 � 3.7

18.5 � 1.4
12.8 � 13.9

MeHg Aqueous
Diet
Aqueous
Diet

CR

FT

22.4 � 1.3
20.1 � 1.9
21.1 � 0.7
20.4 � 1.1

8.6 � 0.9
6.8 � 1.5
9.5 � 0.6
7.8 � 0.8

8.3 � 2.7
17.9 � 4.5
11.3 � 1.3
18.2 � 0.9

38.7 � 4.5
35.7 � 3.3
36.9 � 2.0
31.6 � 2.4

22.0 � 2.6
19.6 � 4.2
21.2 � 1.6
22.0 � 0.7

a Values are presented as the mean � standard deviation in Cosumnes River (CR) and Frank’s Tract (FT) waters (Sacramento and Contra Costa
counties, respectively, CA, USA). HgI � inorganic Hg; MeHg � methylmercury.

b Head and gill concentrations were assessed together for the redear sunfish trials with HgI.

Fig. 3. Model predictions (Eqn. 1) for total steady-state inorganic Hg
(HgI) and methylmercury (MeHg) concentrations in mosquitofish and
redear sunfish in both Cosumnes River (CR) and Frank’s Tract (FT)
waters compared to total Hg (HgT) concentrations in planktivores from
the San Francisco (SF) Bay Delta (CA, USA).

Aqueous accumulation of Hg

Bioaccumulation studies of Hg in fish tend to minimize the
importance of direct aqueous uptake of Hg by fish, because
the main pathway for Hg accumulation in food webs is trophic
transfer from invertebrates and fish prey to planktivorous and
piscivorous predators [8,9]. However, subtle differences in up-
take rates for Hg to fish, when combined with the temporal
variability in dissolved Hg in most freshwater ecosystems
[24,42,43], can alter fish Hg burdens [10]. Similarly, when fish
ingestion rates are low because of low prey availability or
increased competition as a result of high fish abundance, a
greater proportion of the total fish Hg burden originates from
direct aqueous uptake [36]. In the present study, uptake rate
constants (ku) were relatively comparable between fish types
for HgI. However, uptake rates for MeHg relative to HgI were
3.5- to 4.3-fold higher for mosquitofish and 12- to 25-fold
higher for redear sunfish in the two natural waters (Table 1).
The substantially higher ku values observed for redear sunfish
accumulation of MeHg may have been caused by mosquitofish
slowing down their metabolic rates during the experimental
trials. Predictions for Hg accumulation from the dissolved

phase based on bioenergetics models by Post et al. [10] indicate
that Hg accumulation is sensitive to differences in fish res-
piration. In both the aqueous exposures and the D. pulex feed-
ing trials, we observed that the mosquitofish slowed their
swimming and gill activity (reduced opercula movement), but
respiration rates were not measured in these experiments. Un-
like the mosquitofish, redear sunfish stayed active throughout
all the trials. If the accumulation of HgI and MeHg across gill
tissues was an entirely passive process, we would predict the
ku for MeHg to be fourfold greater than that for HgI based on
Hg-species calculations for the neutral mercury chloride com-
plexes (CH3HgCl and HgCl2) [44]. Our uptake rate calculations
support the predominance of a passive accumulation of both
Hg species by the inactive mosquitofish, with MeHg ku values
exceeding those for HgI in CR and FT water by 4.3- and 3.6-
fold, respectively. Uptake rate constants for redear sunfish sup-
port the hypothesis of greater respiratory activity leading to a
much faster accumulation of MeHg, with ku values for MeHg
exceeding those for HgI by 12- and 25-fold in Cr and FT water,
respectively. Our calculated ku values are consistent with the
idea that MeHg accrual in gill tissues across cell membranes
is primarily an energy-mediated process [45,46] and that HgI

uptake is a more passive process. Physiological or anatomical
differences (e.g., density of Ca and Na ion channels and greater
gill surface areas) between sunfish and mosquitofish gills also
could contribute to the greater uptake rates of MeHg by sunfish
relative to mosquitofish [46]. Overall, the uptake rates cal-
culated for our fish for both HgI and MeHg are similar to, but
also marginally lower than, those reported for a marine fish
using similar methods [36]. Differences in the ku values could
result from differences in Hg binding to dissolved organic
matter in the two studies.

Higher ku values in CR water

Across all treatments, the greater uptake rates of Hg in the
CR water than in FT water reflect differences in the DOC
concentrations in the two waters, where total DOC concentra-
tions typically were 1.6-fold lower in the CR water. Significant,
positive correlations were observed for higher Hg accumula-
tion by fish and crustaceans in high DOC lakes [39,43], but
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the overall DOC relationship with Hg concentrations in biota
is uncertain. Given the high affinity of both Hg species for
organic matter, higher DOC concentrations could make both
HgI and MeHg less available to fish for direct aqueous ac-
cumulation, as observed here and in other recent fish gill-
exposure experiments [46]. However, little solid support was
found for the pattern of low Hg accumulation by biota at the
base of aquatic food webs in the presence of high DOC con-
centrations. Aquatic insect larvae may accumulate less HgI but
more MeHg with high DOC concentrations [39,47], and zoo-
plankton, such as Daphnia sp., tend to show MeHg accu-
mulation that increases with DOC concentrations [39,48]. The
lack of a clear relationship for the overarching affect of DOC
on Hg accumulation by aquatic biota is complicated further
and may be less important to eventual burdens than the strong,
positive correlations measured between aquatic invertebrate
Hg concentrations and those of their planktivorous and pi-
scivorous fish consumers [21,48–50].

The different acidity of the two water types also may have
affected the uptake of Hg by fish. The pH of CR water ranged
from 6.4 to 6.9, and that of FT water from 7.3 to 8.1, depending
on the season (P.C. Pickhardt, Stony Brook University, Stony
Brook, NY, USA, unpublished data). Because Hg bioavail-
ability in freshwater systems increases at lower pH [39,49,51],
the lower pH of the CR may have contributed to the higher
Hg ku values in that water. Still, the effects of modest differ-
ences in pH on Hg burdens in aquatic biota generally are
weaker than those of DOC [39]. Previous studies have found
both positive [39,52] and negative [53] associations with acid-
ity (low pH) and increased Hg availability to biota and/or
biomagnification.

Assimilation efficiencies

Assimilation efficiencies measured in the mosquitofish and
redear sunfish differed greatly between species for HgI but
were similar and consistently high (�90%) for MeHg in both
fish. These AEs are comparable to those measured in labo-
ratory experiments with other freshwater and marine fish spe-
cies [36,54–56] but significantly higher than values (�20%)
reported for rainbow trout (Salmo gairdneri), a freshwater fish
[57]. The high AEs that we measured may have resulted, in
part, from the fact that we labeled the invertebrate prey via
their algal diets and not with simple aqueous exposures of
203Hg. Earlier experiments demonstrated that assimilation of
metals associated with soft body tissues of invertebrates (from
dietary exposure of zooplankton prey) was greater than that
of metals bound to chitonous exoskeletons (from aqueous ex-
posure of zooplankton prey) [58,59]. We did not measure tis-
sue-specific 203Hg2� or CH3

203Hg(II) binding in daphnids or
amphipods, but we expect the soft-tissue burdens of MeHg to
exceed those for HgI, as seen with marine copepods [54].

The overall bioavailability and eventual assimilation of in-
gested MeHg by fish may be controlled by the solubilization
of MeHg from its ingested substrate and subsequent binding
to Cl
 (or, in the low pH of fish stomachs, formation of
CH3HgCl) and, eventually, binding to thiols (CH3Hg-SR) in
the neutral pH environment of fish intestines [60,61]. The sim-
ilar AEs for MeHg calculated for both fish species feeding on
different invertebrate diets suggest that MeHg solubilization
in their guts (and the subsequent flux across intestinal epithelial
membranes) was very high.

In contrast to the high and similar assimilation of MeHg
between the two fish species, the assimilation of HgI was much

lower and more variable between the fish (42–51% of HgI in
mosquitofish vs 9–10% in sunfish). Our HgI AEs for mos-
quitofish are among the highest reported in the literature for
freshwater fish, with more typical AEs for HgI in the range of
8 to 37% [36,54]. A possible explanation for the large differ-
ence in HgI AEs between the fish types could be the different
responses to stress of the two fish types during the experimental
stage, as noted above. Longer gut clearance times for mos-
quitofish as a result of their observed ‘‘shutdown’’ behavior
after consuming labeled D. pulex may have allowed for in-
creased HgI solubilization in their guts and eventual assimi-
lation, as observed for various metals in invertebrates fed at
low food levels [62–65]. The present results suggest that the
mosquitofish cleared their guts much more slowly than the
redear sunfish. Forty-eight hours after dietary exposures, sev-
eral, but not all (note the large standard deviations for HgI

AEs in Table 1), of the mosquitofish were still producing ra-
dioactive feces, whereas redear sunfish feces dropped to back-
ground levels of 203Hg within 24 to 48 h after consuming
labeled amphipods. Additionally, differences in AEs may be
attributed to the invertebrate diets. Daphnia pulex may be
more efficient than amphipods in transferring HgI because of
a larger proportion of the HgI in D. pulex being associated
with soft tissues compared to the Hyallela used to feed the
redear sunfish. A final mechanism producing the high AE for
HgI in mosquitofish could be the differences in lipid content
between the two fish species. Mosquitofish may have a higher
lipid content to accumulate lipophilic HgI from consumed diets
[47,66].

Assimilation efficiencies of MeHg were ninefold greater
and twofold greater than those of HgI in redear sunfish and
mosquitofish, respectively. Earlier field studies suggested that
MeHg assimilation exceeds that of HgI by three- to fivefold
to produce the well-established biomagnification of MeHg with
each trophic transfer from prey to predator [7,14]. Unlike pre-
vious radiotracer studies investigating metal bioaccumulation
dynamics in fish [29,36], we did not feed fish with nonlabeled
food immediately after radioactive feeding; instead, we pro-
vided the fish with 18 h to assimilate Hg from the single pulse
feeding before resuming their normal, nonlabeled invertebrate
diets. We therefore increased gut passage times for the Hg-
labeled invertebrates in fish, allowing a longer period of ab-
sorption in the intestines.

Water type had no appreciable effect on the AEs or efflux
rates (ke) of HgI or MeHg. The elimination rate constants fol-
lowing aqueous and food exposure presented here generally
were similar to those reported by Baines et al. [29] and by
Wang and Wong [36] for a small marine teleost. However, the
efflux rate of HgI for marine fish reported by Wang and Wong
(0.055/d) after food exposure to HgI was more than double
our calculated ke (0.003–0.025/d) [36]. These differences might
have resulted from osmoregulatory differences between ma-
rine and freshwater fish. Because marine fish must compensate
for water loss from their tissues and active salt elimination
from tissues to seawater (across gill membranes), Hg removal
could be greater than that in freshwater fish, because HgI could
be transported unselectively by several ion-transport channels
[45].

Distribution of Hg in fish tissues

The distribution of Hg in fish tissues after 5 to 7 d was
strongly dependent on the chemical form and the exposure
pathway by which that Hg entered the fish. In the aqueous



2140 Environ. Toxicol. Chem. 25, 2006 P.C. Pickhardt et al.

exposures, both fish species displayed relatively even distri-
butions of HgI in their tissue compartments (Table 3). Across
all aqueous HgI treatments in both fish, the fillets contained
19 to 25% and the skeletons 12 to 19% of the total Hg burdens,
implying that the duration of the experiment was sufficient for
HgI relocation after initial uptake across the gills or direct
binding to skin surfaces. The only dissected compartment that
we measured that did not have direct contact with ambient
water was the intestinal/gut tissues, yet that compartment con-
tained 10 to 18% of the total 203HgI burden. In contrast, the
dietary exposures of Hg led to more localized pools of the
total HgI body burden than HgI accumulated via aqueous ex-
posures. For example, after consuming HgI-labeled inverte-
brates, 92 to 96% of the HgI in mosquitofish and 68 to 73%
of the HgI in sunfish was associated with the intestines/gut
compartments. Boudou and Ribeyre [68] also found higher
binding/retention of HgI to the gastrointestinal (GI) tract of
fish compared with that of MeHg . The low (�10%) proportion
of HgI in the fillets reduces the potential for transfer of HgI to
consumers of fillets (e.g., humans), although predators that
consume whole fish (e.g., piscivorous fish and birds) may still
acquire the HgI associated with a fish’s GI tract.

In contrast to HgI, MeHg relocated throughout the tissue
compartments whether the initial site of exposure was the GI
tract walls (invertebrate diet exposures) or the gills (aqueous
exposures), a finding that could be expected, because blood
efficiently transfers MeHg throughout fish to various tissues
on a time scale of days [67]. Additional evidence for an ef-
ficient and consistent transfer of MeHg within fish after the
initial exposures is the low variability (i.e., low standard de-
viation) in the pools of MeHg within all the compartments for
both fish species. Inorganic Hg distributions were much more
variable. Different mechanisms likely are involved in the trans-
fer of MeHg and HgI through the intestinal tract walls and gill
membranes, as suggested by previous studies [68].

Refining our compartments to separate the ‘‘gut’’ into GI
tract components (e.g., stomach and intestines) and key organs
(e.g., liver, kidneys, and spleen) would improve our assessment
of Hg distributions in fish, as studies assessing interior rate
kinetics have suggested [55,67]. Furthermore, dissecting fish
at various time points during the depuration period would al-
low the rates of Hg transfer between fish tissues to be cal-
culated.

Modeling results/predictions

The bioaccumulation model predicted Hg concentrations
for mosquitofish and redear sunfish that were well within the
range observed for small forage fish. For example, Hg con-
centrations in mosquitofish (7–48 ng/g dry wt) and redear
sunfish (124–876 ng/g dry wt) in the SF Bay Delta [69] overlap
with our predicted Hg concentrations for both fish species (Fig.
3). The close match between predicted and independently mea-
sured Hg concentrations in fish indicates that we can account
for the major processes governing tissue concentrations of Hg
in fish and that the lab-derived kinetic parameters are appli-
cable to field conditions.

The modeling results also provide information regarding
the origin of the total Hg burdens in both fish species (i.e.,
the proportion of Hg from aqueous vs dietary sources). Most
field-based bioaccumulation studies for Hg now focus on
MeHg obtained from diet as the primary contributor to the
total fish Hg burden, but experimental evidence indicates that
direct aqueous exposures also may be important [9,36]. Our

experiments provide additional evidence that uptake of aque-
ous HgI can contribute significantly to the HgI body burden
(Table 1), but that HgI is not likely to contribute significantly
to overall Hg burdens because of the high AE and low ke values
of MeHg from invertebrate diets (Fig. 3). The model predicts
that the dietary pathway dominates MeHg accumulation in
both fish types, with uptake from water comprising only 0.6
to 1.6% of the total predicted MeHg concentration in fish
(Table 1). That prediction is consistent with earlier studies that
showed the dietary pathway to be the major accumulation route
for MeHg in higher trophic organisms [8,36,39].

CONCLUSION

Neither of the fish species used in the present study are
commercially important food or prized sport fish, but they are
important intermediate trophic species for both aquatic food
webs (consumed by both largemouth bass [M. salmoides] and
striped bass [Morone saxatilis]) and terrestrial food webs (via
avian predation) in the SF Bay Delta system. Mechanisms
underlying the measured differences in fish Hg concentrations
between lower (FT) and upper (CR) delta sites [69] may result
from lower DOC concentrations in upper delta waterways,
differences in food web or fish growth rate between the upper
and lower delta, differences in MeHg availability, or some
combination of these factors. We measured significant increas-
es in the direct aqueous accumulation of both HgI and MeHg
to fish in water with lower DOC concentrations, but our mod-
eling results clearly indicate that dietary accumulation of Hg
(and the high AE of MeHg in particular) is the dominant con-
tributor to final fish Hg burdens. Further research is needed to
address the direct effects of DOC on Hg bioavailability in
lower levels of the food web in aquatic ecosystems.
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40. Lucotte M, Schetagne R, Thérien N, Langlois C, Tremblay A.
1999. Mercury in the Biogeochemical Cycle: Natural Environ-
ments and Hydroelectric Reservoirs of Northern Québec. Spring-
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